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Abstract

Over the past years there has been an increased concern regarding widespread pollution of
the environment with persistent organic pollutants (POPs) that biomagnify and
bloaccumulate along the food chain. Marine mammals, especially seals being top
predators of the marine food chain, are significantly exposed to biomagnified levels of
POPs that bioaccumulate in the blubber which acts as a reservoir for these lipophilic
compounds. POPs have been associated with a number of pathological changes in the
seals, thus early detection of the adverse health effects resulting from pollutant exposure
i1s vital, since exposure may cause irreversible damage to entire populations or ecosystems
in the long term. Biomonitoring studies to investigate changes in fecundity of marine
mammal populations due to exposure to POPs are needed. Biological indicators
(biomarkers) that reflect the exposure levels or toxic effects of the contaminant load in
wildlife populations can be used as early warning system for the reproduction and
survival of the animals with non-destructive or minimal invasion. The aim of this study
was to research and develop new and existing exposure and effect biomarkers for
biomonitoring endocrine disruption in Ringed (Phoca hispida), Grey (Halichoerus
grypus) and Harbour (Phoca vitulina) seals from different geographical areas using non-
destructive/non-invasive sampling. Sex steroids, lactoferrin and blood chemistry
parameters were investigated in seal faecal and serum samples as potential biomarkers.
Exposure level (PCBs, DDT, PBDEs) was determined using chromatographic and
immunoassay techniques. Estrogens in the exposed populations showed a negative
correlation with contaminant exposure and higher LTF, glucose and lipoprotein levels
showed a positive correlation with contaminant exposure and negative correlation with
sex steroids, thus they are proposed as biomarkers of endocrine disruption. This is the first
study to quantify and measure LTF as well as sex steroids in seal faecal samples and to
investigate their correlation with environmental exposure and the promising results justify
further research in this area. Since the biomarkers in this study are influenced by

endogenous hormones it is recommended that they should be used in conjunction with sex

steroids.
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1.0 General Introduction

Over the past decades there has been increased concern regarding widespread pollution of
the environment with pesticides and industrial chemicals, resulting from industrial,
agricultural and other anthropogenic activity (traffic exhaust fumes, municipal waste,
fires, etc). Many of these chemicals are known to possess a wide range of toxic effects,
including reproductive failure, immunosuppression and endocrine disruption, in a range
of vertebrate and invertebrate species including fish, gastropods, turtles, aquatic
mammals, birds, alligators, panthers and humans (Safe, 1984; Ruus et al., 1999:
MacDonald er al., 2000; Smeds and Saukko, 2001; UNEP, 2001; AMAP, 2002).
Chemicals shown to cause effects on the reproductive, immune and endocrine system of
marine mammals include industrial chemicals and pesticides, which reach the aquatic
environment via industrial discharges, sewage effluent, atmospheric deposition,
agricultural run-off and accidental spillage. The more lipophilic and persistent of these
compounds bioaccumulate in the lipid of organisms and biomagnify, reaching higher
concentrations 1n lipid-rich tissues of top predators (primarily blubber in the case of
seals). Exposed animals remain contaminated for long periods of time since these
chemicals are not easily metabolised and/or excreted (McFarland and Clarke, 1989;
Agular et al., 2002; Breivik et al., 2004). Chemicals that fall in to this category are
known collectively as Persistent Organic Pollutants (POPs) and the main categories are

listed 1n Table 1.

POPs pose a risk to human health and wildlife due to their known toxicity. Combined
with evidence of their potential for long-range transport leading to widespread
contamination even of pristine regions (e.g. Arctic), POPs are clearly a threat to global
environmental health. As a result international regulations and agreements have been put
in place to reduce and eliminate releases of these chemicals. For example in 1997, the
United Nations Environment Programme (UNEP, 2001) Governing Council decided that
immediate international action should be initiated to protect the environment through
measures which will reduce and/or eliminate the emissions and discharges of a majority
of these POPs. All Polychlorinated Biphenyls (PCBs), polychlorinated dibenzo—p—furans
(PCDFs) and nine organochlorine pesticides (OCPs: DDT, aldrin, dieldrin, endrin,
heptachlor, mirex, toxaphene, chlordane, and hexachlorobenzene) have been banned

internationally, but are still widely used in undeveloped countries, such as Africa and

India, for public health and agricultural purposes (Karlsson et al., 2000).
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In 2005, the most stringent EU regulations have now been put in to force to restrict the
use and subsequent release of hazardous substances (which include a range of POP
chemicals, including PCBs and dioxins) to the environment from industry and other

sectors (Restriction of Hazardous Substances Directive, RoHS: Waste Electrical

Equipment Directive, WEE; EU, 2005).

1.1  Polychlorinated Biphenyls (PCBs)

Of the great number of POPs, polychlorinated biphenyls (PCBs) are of the most studied
chemicals in terms of environmental contamination and toxicology. They have been used
industrially since 1929 and by 1970 hundreds of millions of kilograms had been
produced. Total worldwide production of PCBs is estimated at 1.68 million tonnes
(AMAP, 2000). PCBs are a group of synthetic halogenated aromatic hydrocarbons with
the formula C2H;9,Cl,, where n = 1-10 (Safe, 1994). They have a general chemical
structure of one biphenyl ring into which varying numbers of chlorine atoms are
incorporated (Fig.1). There are 10 possible sites for chlorination of the biphenyl molecule
(mono- to decachlorobiphenyl) and any particular polychlonnated biphenyl 1s named in
accordance with the number of chlorine atoms in the molecule and their positions of

substitution (de Voogt et al., 1990).

meta ortho ortho’ meta’
3 2 2 3
para 4 4' para
5 6 61 5 '
meta ortho ortho’ meta’

Figure 1: General structure of PCBs

There are 209 theoretically possible individual isomers or congeners, ranging from
monochlorinated through to one fully chlorinated decachlorobiphenyl congener, created
by different substitutions and numbers of chlorine atoms in the ortho, meta and/or para
positions (Fig. 1; Table 2). Each possible configuration is named according to the [UPAC
numbering system (congeners 1 to 209) according to Ballschmitter and Zell (1980).

Generally, the water solubility and vapour pressure decrease as the degree of substitution

increases, and the lipid solubility increases with increasing chlorine substitution. Some of
3




the known trade names for PCB mixtures are; Aroclor, Pyranol, Pyroclor, Clophen,
Phenochlor and Kanechlor (UNEP, 2000).

Table 2: Description of the 209 possible chlorinated biphenyl isomers

s - N————

R e

Name Structural " Mol. Wt.  TUPAC Systemic ~ Isomer % Chlorination
(-chlorobiphenyl) Formula Numbering Number
" Mono- C,H,Cl  188.65 1-3 3 1879

Di- Cy2 Hg Cl, 233.10 4-15 12 31.77
Tri- C,2 H; Cl; 257.54 16-39 24 41.30
Tetra- C,2 Hg Cl4 291.99 40-81 42 48.65
Penta- C2 Hs Cl;s 326.43 82-127 46 54.30
Hexa- Cy2 Hy Clg 360.88 128-169 42 58.93
Hepta- C,2 H; Cl4 395.32 170-193 24 62.77
Octa- C2 H, Clg 429.77 194-205 12 65.98
Nona- C, HClg 464.21 206-208 3 68.73

Deca- C,; Clyo 498.66 209 1 71.10
* Biphenyl = 154.22, CI = 35.45; Mol. Wt.= Molecular weight

Jensen (1969) was the first to discover the environmental occurrence of PCBs and since
then a large number of reviews have been published. PCBs are chemically inert and
inflammable. They are resistant to oxidation, reduction and highly apolar (non water
soluble; Hutzinger et al., 1974). They are resistant to heat, hydrolysis and photo-
degradation reactions, they have high boiling point and low electrical conductivity
(Erickson, 1986). The chemical and physical properties of PCBs are the reason for their
extensive use in a wide variety of open, nominally open and mainly closed electrical
systems and industrial processes (Breivik et al., 2004). PCBs have been used as organic
diluents, plasticisers, wax extenders, heat transfer fluids, dielectric fluids for transtormers
and capacitors, hydraulic lubricants, sealants, adhesives, pesticide extenders, cutting oils,
dust-reducing agents, flame-retardants and in carbonless copy paper (Sate, 1994). These
same properties have also contributed to their environmental problems. They enter into
the environment and reach the aquatic ecosystems mainly from discharge points of

industrial and urban wastes through runoff, leakage, dumping and atmospheric transport.

Once introduced into the environment, PCBs degrade very slowly and due to their
lipophilicity, cross biological membranes from the surrounding medium and
bioaccumulate in plant and animal lipids. Their environmental persistence, resistance to

biodegradation and lipophilicity, causes them to biomagnify in food chains reaching
highest concentrations in top predators (Jensen, 1969; McFarland and Clarke, 1989; Safe,

4



1994; UNEP, 2000). In 1977 and 1979, a ban on PCB manufacture was imposed in the
United States, and it was specified that PCBs could only continue to be used in totally
enclosed systems. Although most countries have instituted bans on the production and use
of PCBs, significant quantities of PCBs are still used in old transformers and capacitors as

dielectric fluids and other electrical equipment and leakage into the environment still

occurs (Safe, 1984).

The bioaccumulation, biotransformation and toxicity of PCBs differ between congeners.
The toxicity of PCBs is affected by the number and position of the chlorine atoms, as
substitution in the ortho position hinders the rotation of the rings (Safe, 1994; UNEP,
2000). The non—ortho (without chlorine atoms in the ortho position) also called planar
PCB congeners (PCB 77, 81, 126 and 169) are the most toxic. They adopt a planar
configuration similar to planar and highly toxic polychlorinated dibenzo-p-dioxins
(PCDDs), commonly known as dioxins (Fig.2), and are the energetically most favourable
structure for hepatic biotransformation (McKinney, 1996). Another group of toxic PCBs
are congeners with one chlorine atom in the ortho position called mono-ortho CBs (105,
114, 118, 123, 156, 157, 167 and 189). These are structural analogues of non-ortho PCBs
but with less planar configuration and are classified as coplanars (Safe, 1990). As with
dioxins, planar and coplanar PCBs bind the cytosolic aryl hydrocarbon (Ah) receptor with
strong affinity. Upon binding this receptor, the AAR-bound complex translocates to the
cell nucleus to initiate transcription of CYP4501A mRNA to stimulate the synthesis of
cytochrome P450A1 (CYP450) by the microsomes. This is a family of aryl hydrocarbon—
metabolising enzymes which generate bioactivated oxidative metabolites which are
cytotoxic. These reactive contaminant intermediates also act as DNA adducts and are

classed as potent carcinogens (Colborn and Smolen, 1996; Schlezinger ef al., 1999; Slim

et al., 1999).

Figure 2: General structure of PCDDs

The di-ortho PCBs (128, 137, 138, 153, 158, 166, 168, 170, 180, 190, 191, 194 and 205)

have two ortho-substituted chlorines and are mixed-type inducers but less potent than the

S



non- and mono-ortho coplanar congeners. CBs 138 and 153 are major components of
technical PCB formulations and appear to have the greatest potency among the di-ortho

coplanar congeners both as inducers and as potential toxicants (McFarland and Clarke,
1989).

1.2 DDT

In the past decades the use of organochlorine pesticides (OCPs) such as dichlorodiphenyl-
trichloroethane (DDT), dieldrin, lindane, chlordecone and others was extensive but it has
decreased 1n recent years. OCPs are generally formed from carbon, hydrogen and chlorine

and consist of the three main families: aliphatic diphenyls (e.g. DDT), benzene derivatives

(e.g. lindane) and cyclodienes (e.g. aldrin) (Tomlin, 1993).

DDT 1s one of the most used and more persistent compounds of the organochlorine
pesticides. It was widely used during the Second World War to prevent the spread of
malana, typhus and other insect vector-borne diseases. After the war, DDT continued to
be used for the control of disease vectors and it was also widely used on a variety of
agricultural crops (Weatherley er al., 1997, UNEP, 2000). In general, DDT in insects
affects the normal transmission of nerve impulses and poisons the nervous system in
humans i1f the dose i1s sufficiently high. Therefore, dose is an important factor in
determining the severity of the response. The principal neurophysiological mechanism of
action of DDT is to slow the closing of the voltage-dependent sodium channel once 1t has
been opened by the action potential, with the result that the hyperexcitable phase of the
action potential is prolonged. This i1s exhibited at the organism level in behavioural
hyperexcitability. The dose of DDT required in mammals to provoke signs and etlects
such as ataxia, tremor and avoidance responding is more than 100 times the dose used for

insect exposure (Carson, 1962; AMAP, 2002).

DDT is semi-volatile, highly stable and insoluble 1n water (apolar). Its presence in the
environment is ubiquitous as a result of atmospheric deposition resulting in contamination
of remote pristine areas such as the Arctic (Macdonald, et al., 2000) and its
bioaccumulation was first reported in the 1950s (Carson, 1962). Technical grade DDT
which is used as an insecticide, comprises several isomers (up to fourteen chemical
compounds), the most prevalent and active ingredient being the p,p’-DDT form, which
makes up about 65-80% of the total. Other components included 1s the nearly inactive
o,p -DDT which comprises 15-21% of the mixture and p,p’-DDD (up to 4%) (Metcallf,
6



1995). The chemical structure of p,p’-DDT is similar to that of the bisphenols and the
isomeric o,p’-DDT (Fig.3) which is present as an impurity in commercial p,p’-DDT, 1s
known to exhibit estrogenic activity (EPA, 2002). The main metabolite of DDT 1s p,p -
DDE (dichlorodiphenyl-chloroethane). This metabolite is the most persistent, binds the
androgen receptor (AR) and exhibits a broad spectrum of anti-androgenic activities as
demonstrated in both in vivo and in vitro bioassays (Kelce et al., 1995). p,p’-DDD
(dichlorodiphenyl-dichloroethane) (Fig.4) is a less persistent metabolite of DDT known to
target the adrenal glands in humans and wildlife (EPA, 2002).

Cl
Cl

Cl
Cl
Cl C

|
p,p'-DDT p,p-DDE 0,p'-DDT

Figure 3: Chemical structures of DDT and its metabolites

CCl,

—~0-T-0

Figure 4: Chemical structure of p,p -DDD

A notable characteristic of most of these compounds is their ability to concentrate in

biological systems. Bioaccumulation of pesticides was first reported in the 1950s, when
residues of the then widely used insecticide, 2.2-bis(p-chlorophenyl)-1,1,1-trichloroethane
or dichlorodiphenyl-trichloroethane (p,p -DDT) (Fig.3), were discovered 1n birds

following the spraying of crops (Carson, 1962). The production and use of many

7



organochlorine pesticides such as DDT has been banned or severely restricted in most
industrialized and developing countries since the 1970s due to their bioaccumulative,
persistent and toxic properties (Schafer et al., 2001). As a result environmental
concentrations of these chemicals have been declining over the last two decades (Thomas
et al., 2005). However, DDT is still used in the developing countries such as Africa and
India, to control mosquitoes, flies and lice infestations and to avoid the spread of malaria,

cholera and typhus (Loganathan and Kannan, 1994; Karlsson et al., 2000). As a result
DDT still poses great threat to the environment.

1.3 Polybrominated Diphenyl Ethers (PBDEs)

In the last decade, PBDEs have aroused concern because of their detection at significant
levels 1n air, water, fish, marine and terrestrial mammals as well as in humans. They are
aromatic hydrocarbons with a general formula C;;H;¢.,Br,O, where n = 1-10 (Fig.5).
They are structurally similar to PCBs and therefore have similar properties and a large
number of congeners depending on the number and positions of the bromine atoms on the
two phenyl rings. There are 10 possible sites for bromination of the molecule (mono- to
decabromodiphenyl) and any particular polybrominated diphenyl is named in accordance
with the number of bromine atoms on the two phenyl rings and their positions of
substitution (WHO/ICPS, 1994b). The individual PBDE congeners are numbered
according to the IUPAC system used for numbering PCBs based on the position of the
halogen atoms on the rings (P1jnenburg et al., 1995; de Wit, 2002).

2!
O
3 I 3
4 6 6 4
5 S

Figure 3: General structure of PBDESs

PBDEs are used as flame retardants and their use has been able to significantly reduce fire
hazards over the past years. Since the application of stricter fire regulations in many
countries, the PBDE demand 1s increasing rapidly, they are extensively used in
controlling the risks of fire and therefore their production has been highly increased.
PBDEs are industrially produced from diphenyl ether and bromine under catalytic

conditions, which results in mixtures of PBDE congeners. Most industrially manufactured
8



PBDESs contain mixtures of brominated diphenyl ethers, their isomers and homologues
(Elvers et al., 1992). The commercial PBDEs are predominantly penta-(PeBDE), octa-
(OBDE) and deca-(DeBDEs) but contain other PBDEs as well. They are very stable
lipophilic compounds with high boiling points (310 — 425°C), are resistant towards acids,
bases and to reducing or oxidising compounds (Pijnenburg et al., 1995; Allchin et al.,
1999; Rahman et al., 2001). According to the UK Department of Trade and Industry
(DTI, 1999), the market for flame retardants in Europe is approximately 200,000 tonnes
per year in which the demands for organobromines are 64,000 tonnes. According to the
International Programme for Chemical Safety (IPCS), there are eight world major PBDE
manufacturers in Europe, Japan and the USA and the annual global PBDE consumption
has been estimated to be 40,000 tonnes (30,000 tonnes DeBDE, 6,000 tonnes OBDE and
4,000 tonnes PeBDEs; WHO, 1994).

The major uses of PBDE flame retardants are in resins and polymers such as high impact
polystyrene (electrical housing, TV cabinets and back covers), flexible polyurethane foam
(cushioning/packaging materials), textile coatings (carpets, automotive seating, furniture,
tents, military safety clothing), wire and cable insulation, electrical and electronic

connectors and other interior parts (DTI, 1999).

Due to their properties (highly lipophilic, readily bioaccumulative and resistant to
degradation) PBDEs are of environmental concern. PBDE release to the environment
occurs from waste domestic disposals, landfills and incineration processes and since some
PBDEs are used as additive chemicals mixed into polymers they are not chemically bound
to the plastic or textiles and therefore may separate or leach out from the surface of their
product applications into the environment (de Wit, 2002). Moreover, during PBDE

incineration toxic dioxins are produced (Rahman et al., 2001).

Trace quantities of congeners of different PBDEs have already been detected 1n biological
and sediment samples from remote areas suggesting that they are being distributed world-
wide due to long-range atmospheric transport (Jansson et al., 1987; Sellstrém, 1996; De
Boer et al., 1998). Concentrations of PBDEs 1n Sperm whale blubber have been reported
to be 100ng/g wet weight indicating that PBDEs have reached deep oceanic waters since
these marine mammals feed at great depths (De Boer et al., 1998). Several species of seal
from different sites have also been analysed for PBDE concentrations. For example,
female Baltic Grey seals (Halichoerus grypus) contained 730ng/g lipid weight in their
blubber (sum of BDE-47, -99, and -100), male Baltic Grey seals had 280ng/g and male

9



Ringed seals (Pusa hispida) were found with 320ng/g lipid weight (Andersson and
Wartanian, 1992; Jansson et al., 1993; Sellstrém et al., 1993a; Sellstrém, 1996). The main

PBDEs reported from environmental samples are PBDE 47, 99, 100, 153, 154 and 209
(De Boer et al., 2001)

1.4

Toxic Effects of POPs on Marine Mammals

Marine mammals are apex predators of the marine food chain and therefore significantly
exposed to biomagnified levels of persistent, lipophilic organic pollutants, particularly
PCBs, PBDEs and DDT (Aguilar et al., 2002; Law et al., 2002). Aquatic mammals in
general, have a poor capacity for detoxifying and excreting organic pollutants compared
to terrestrial mammals due to the low activity or inactivity of hepatic microsomal
cytochrome P450 enzymes of xenobiotic metabolism (Troisi and Mason, 1997). For
example, seals have functional CYP450 1A1 and 1A2 iso-enzymes that enable them to
metabolise planar compounds but have weak CYP450 2B function and therefore low
capacity for metabolising non-planar PCBs (AMAP, 2000). PCB and DDT tissue
concentrations and severity of resultant toxic effects, vary according to exposure level and
physiological factors, such as age, species, sex, nutritional and health status (Addison,
1989). There 1s substantial evidence that marine mammal populations, especially those
inhabiting polluted waters are more susceptible to the toxic effects of POPs (Thomas, et

al., 2005). The main toxic effects of POPs in marine mammals are summarised in Table 3.

Table 3: Summary of POP Effects on Marine Mammals

- Tjrpes of Effects PCBs DDT References

Endocrine Disru_ﬁtion——-[- -I- Hook & Johnels, 197m
Sangalang, 1976 & 1979; Helle & Olsson,1976a,b;
Reynders, 1980 & 1986; Bergman & Olsson, 1985;
Subramanian et al., 1987; Baker, 1989; Béland et al., 1993;
De Swart et al., 1996; O’Shea, 1999; Troisi & Mason, 2000

Hepatotoxicity 4 + O’Shea, 1999; Dean et al., 2002

CYP 450 Induction + 1 Boon et al., 1997; Nyman et al., 2003

Immunosuppression -|- -|- deSwart et al., 1996; Brouwer et al., 1991; Simmonds ef al.,
1993; Aguilar & Borrell, 1994: Oberdoérster & Cheek, 2000

Retinol depletion + + Brouwer ef al., 1989; Zile, 1992; Simms et al., 2000; Debier
et al., 2004

Carcinogenicity -|- -I- Martineau et al., 1994; Dean et al., 2002

Neurotoxicity -|- O’Shea, 1999
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Evidence of reproductive failure in seals (e.g. Harbour; Reijnders, 1986) and cetaceans
(e.g. beluga whales; Béland et al., 1993) has been recorded, as well as cancer (Martineau
et al., 1994) and lesions in numerous organs (Olsson et al., 1994). Moreover, there are
few feeding studies providing evidence linking PCB and DDT exposure to reproductive
disorders, immunotoxicity and hepatotoxicity (Brouwer & van den Berg, 1986; Reijnders,
1986, Brouwer et al., 1989; O’Shea, 1999). PCBs are metabolised by cytochrome P450
dependent mixed function oxidases and their induction is associated with toxic effects in
the liver (Safe, 1990), including altered liver function enzymes and carcinogenesis (Dean
et al., 2002). One such study is a controlled feeding study of adult female captive Harbour
seals, where one group was fed “contaminated” Wadden Sea fish (containing ~1.5mg
PCB and 0.22mg pp'-DDE/day) while the other group was fed "cleaner" Atlantic fish
(containing ~0.22mg PCB and 0.13mg pp'-DDE/day) over a two year period. This study
demonstrated organochlorine-induced reproductive failure. The exposed group produced
fewer live pups and daily monitoring showed a difference in plasma sex hormone levels
between the groups (Reijnders, 1986). Daily plasma monitoring also showed that thyroid
hormone (thyroxin) and vitamin A levels were significantly depressed in the exposed
seals and there was lower resistance to secondary bacterial infections compared with the
control seals (Brouwer et al., 1989). This was believed to be due to the displacement of
thyroxin hormone from 1its plasma receptor transthyretin by circulating hydroxy
metabolites of PCBs, which reduced thyroxin transport to target epithelial cells necessary

for functional immune response indicating that endocrine disruption was involved

(Brouwer & van den Berg, 1986).

Endocrine disruption has been observed in aquatic wildlife and particularly in marine
mammals with evidence available since the 1960s, before the term ‘endocrine disruptor’
was even conceived. One commonly accepted definition of an endocrine disrupting
chemical (EDC) is an “exogenous substance which causes adverse health ettects 1n an
intact organism, or its progeny, consequent to changes in endocrine function” (EU, 1996).
The endocrine system includes the pituitary, thyroid, adrenal glands and the female/male
reproductive system. It is one of the most important homeostatic systems in amimals and
functions to transfer information from one cell or organ to another, through controlled
release of chemical messengers. The chemical messengers are known as hormones and
are potent, natural, secretory products of the endocrine glands which travel i the blood in
very small concentrations. Reproductive hormones are composed of sex steroid and
trophic peptide hormones (Griffin and Ojeda, 1996). EDCs can mimic natural estrogens
due to similarities in their molecular structure to 17- estradiol (phenol group). More
11



specifically, Fielden et al., (1997) defined ‘estrogenic’ chemicals as substances whose
effects are mediated through the estrogen receptor (ER), by initiating a cascade of cellular
and/or tissue effects similar to those initiated by 17-B estradiol (E2). Furthermore,
chemicals whose effects resemble those of estrogen but are not mediated through the
estrogen receptor are referred to as ‘estrogen-like’. For example as previously mentioned,
PCBs 1nduce certain iso-enzymes (e.g. 1Al1, 1A2, 1B1) of cytochrome P450 in
mammalian liver via the AAR. Some of these enzymes are involved in E2 metabolism and
might disrupt the endogenous hormone levels (Boon et al., 1992). Consequently, any
compound found in the environment that exhibits potential ‘estrogenicity’ is known as
‘Xxenoestrogen’. Steroidogenic tissues are another target of EDCs, where altered steroid
biosynthesis leads to changes in circulating hormone levels and hormone-dependent

events (€.g., gametogenesis, sexual development and fertility) (AMAP, 2002).

There have been numerous wildlife endocrine disruptive effects reported. Perhaps the
clearest evidence of endocrine disruption resulting from a chemical pollutant comes from
marine gastropods. Widespread development of a male sexual organ in female marine
snails, such as the dog whelk has been observed. Tributyltin (TBT) a biocide in
antifouling paints and wood preservatives has been one of the early examples of an EDC
that causes impairments in growth, development, reproduction and survival of many
marine species. This condition called the ‘tmposex’ phenomenon which is characterised
by the development of male sex organs (penis and sperm duct) by female gastropods,
results in female sterilization and leads to reproductive failure and has resulted in
population declines in many harbours and coastal waters. TBT inhibits the steroidogenic
enzyme, aromatase that transforms androgens into estrogens in gastropods and 1s now
known to be responsible for these effects (Hagger er al., 2005). Other examples of
endocrine disruption include hatchment failure in Flonda alligators while males that do
hatch have abnormally small penises (Selcer et al., 2006). Enlargement of the thyroid
glands in Great Lake salmons, decreased fertility in birds, feminisation of male fish and
birds, and masculinisation of female fish are also common examples caused by EDCs
(Milnes, et al., 2006). Male fish living downstream of sewage treatment plants in
Southern England have been found to have high concentrations of the female egg-yolk
protein, vitellogenin, not normally present in males. Such an effect has been shown to
result from synthetic estrogens which are released into the aquatic environment via the

sewage treatment plant effluent (van Aerle et al., 2001).
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A number of endocrine disruptive effects have also been reported in marine mammals
attributable to PCBs, PBDEs, DDT and their metabolites. For example, Subramanian ef
al., (1987) reported the effects of anti-androgenic activities in adult male Dall’s porpoises
(Phocoenoides dalli) in the North-western Pacific. PCBs and DDE blubber levels were
found to be inversely correlated with circulating androgen levels which may have adverse
consequences for normal sexual development and function. Significant population
declines and poor population recovery have been observed in Baltic and Wadden Sea seal
populations over the last fifty years that have been attributed to their high tissue
organochlorine burdens. For example, the Harbour seal (Phoca vitulina) population
inhabiting the Wadden Sea, collapsed from 3000 to less than 500 animals between 1950
and 1975, as a result of PCB-induced reproductive failure (Reijnders, 1980 and 1986). In
the 1970s, Hook and Johnels (1972) showed a significant relationship between blubber
PCB concentration greater than 70ug/g (lipid weight) and infertility due to uterine
stenosis/occlusions in sexually mature females of Grey (Halichoerus grypus) and Ringed
(Phoca hispida baltica) Baltic seal populations. Other studies have also reported similar
findings 1n Baltic Grey and Ringed seals such as uterine stenosis and occlusions,

adrenocortical hyperplasia and hormonal osteoporosis (Bergman and Olsson, 1985).

Population-level evidence of PCB-associated immunosuppression in seals (mediated by
an endocrine disruption toxic mechanism) also exists. This has been seen as an increased
incidence 1n epizootic episodes in Northern European seal populations in the last two
decades (De Swart et al., 1995a; Thomas, 2005). There 1s now considerable evidence
available that PCBs were responsible for causing significantly greater mortality of seals
originating from more heavily polluted waters compared with those from cleaner waters
during the 1988 Phocine Distemper Virus (PDV) epizootic (Barret et al., 1992; Hall et al.,
1992; Osterhaus et al., 1992; De Swart et al., 1995a) The immunotoxicity of PCBs was
shown to be mediated by an endocrine disrupting toxic mechanism (thyroid hormone

antagonism) causing immunosuppression and increased susceptibility to PDV (deSwart et

al., 1995a).

There is also population-level evidence of the reproductive effects of organochlorines
caused by endocrine disrupting mechanisms. Reduced reproductive success (Reijnders,
1986), still births (DeLong et al., 1973), uterine pathological deformities (e.g. stenosis
and occlusions) (Helle and Olson, 1976a,b; Reijnders, 1980; Baker, 1989), altered steroid
hormone metabolism, altered steroid biosynthesis (Freeman and Sangalang, 1979; Troisi

and Mason, 2000) and progesterone antagonism (Gillner et al., 1988; Troisi and Mason,
13



2000), are some of the organochlorine-induced reproductive effects reported in seals,

mediated by an endocrine disrupting mechanism.

Tissue concentrations of organic pollutants tend to increase with age, in reproducing
females however, the levels fluctuate due to the loss of organic chemicals to their
offspring during gestation and lactation (Addison & Brodie, 1987). A female Grey seal
for example, can lose up to 30% of her total body burden of DDT and up to 15% of her
PCB burden by feeding her pup with lipid rich milk (Pomeroy et al., 1996; Debier ef al.,
2003). Exposure of seal pups to PCBs is of particular concern since developing organisms
suffer more from pollution than adults. For example, PCB-related toxicity on vitamin A
which 1s essential for growth, vision, cell differentiation as well as immune system
development has been observed in laboratory animals and in marine mammals (Debier, et
al., 2004). Therefore, seal pups are under significant risk from PCB-induced Vitamin A
deficiency (Brouwer et al., 1989 & 1991; Zile, 1992; Simms et al., 2000).

1.5  Biological Monitoring

Biological monitoring or biomonitoring 1s a direct method to determine pollutant
exposure 1n biological samples collected from a population, including magnitude of
exposure and temporal fluctuation 1n exposure. This 1s achieved by the collection of
biological samples from individuals of a population (e.g. tissues, biological fluids, etc)
and analysis of pollutant concentrations and/or biological indicators of pollutant exposure
or effects. Biological indicators are also referred to as biomarkers and their level of
expression is proportional to pollutant exposure (dose-dependent). These are either
biological responses to pollutant exposure (exposure biomarkers) or adverse health
effects/toxicity resulting from pollutant exposure (etfect biomarkers) (Kamrin, 2004). An
important strength of biomonitoring is that it provides a direct measure ot exposure in
target populations which is a measure of total integrated exposure from multiple sources.
It also provides an understanding of exposure burden in individuals which reaches the
circulation and target organs, following pollutant biotranstormation and partitioning. Most
importantly, biomonitoring involving the application of eftect biomarkers provides a
quantitative indication of the severity of specific adverse health effects in individuals of

an exposed population (Marsili et al., 1998; Fossi et al., 1999; Nyman et al., 2003; Troisi
and Borjesson, 2005).
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1.5.1 Analytical Procedures Used in Biological Monitoring

The process to identify and quantify POPs, in an environmental or biological sample
matrix, involves a stepwise analytical procedure. The first step is the extraction of the
lipids in which lipophilic pollutants are retained, into an organic (apolar) solvent (e.g.
hexane) or mixture of solvents (Smeds & Saulko, 2001), usually by soxhlet extraction or
liquid-liquid extraction (De Boer, 1999). After extraction, a clean-up method follows to
remove co-extractives/impurities and non-target analytes. Clean-up techniques for
separation of PCBs and organochlorine pesticides from the lipid matrix include open
column chromatography using silica or other adsorbents (Hall et al., 1999), gel
permeation chromatography (Tindle & Stalling, 1992; Cameron ef al., 1997) and/or High
Pertormance Liquid Chromatography (HPLC) (van der Hoff et al., 1996). The last step of
this procedure is the detection of target analytes by Gas Chromatography (GC), usually by
highly sensitive Electron Capture Detection (GC/ECD) (Errickson, 1997) and/or Mass
Spectrometry (GC/MS) in Electron Impact (EI) or Negative Chemical Ionisation (NCI)
using Selective lon Monitoring (SIM) (De Boer, 1999).

Chromatographic methods for the analysis of organochlorines are the most accurate
available for detecting such chemicals in a variety of samples. However the analytical
procedure described above is complex and expensive, especially if large numbers of
samples need to be processed to examine how contaminant levels vary with different
factors (e.g. location, diet, sex, age and health status). Furthermore, chromatographic
analysis 1s time-consuming, requires large sample volumes and must be undertaken by an
analytical chemist in a dedicated analytical laboratory using specialised equipment
(Kamrin, 2004). Therefore, alternative more high-throughput, cost-effective and simple
methods for the determination of organochlorines are very useful for population-level
biomonitoring. Pollutant immunoassays, such as Enzyme Linked Immunosorbent Assays
(ELISA), provide an efficient screening tool that can satisty the above requirements.
Furthermore, ELISAs require only small volumes of sample such as plasma, which
facilitates ethical non-destructive sampling. ELISA analyses can be completed 1n less than
12 hours for up to 40 samples in duplicates (or 80 in singles) with appropnate standards
and controls per 96 well microtiter plate. Non-destructive sampling enables repeat
sampling to monitor exposure over time. Usually costs associated with repeat
chromatographic analysis are inhibitive with chromatographic methods however this i1s
not the case with pollutant ELISAs, which encourages temporal monitoring (Zajicek et al.,

2000; Johnson et al., 2001; Deng et al., 2002; Trois1 & Borjesson, 2005). Unfortunately,
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pollutant immunoassays have the limitation of providing only group-specific data, for
example total PCB concentration as opposed to congener-specific data provided by

chromatographic methods. However, pollutant immunoassays are still well-suited for

population exposure monitoring.

1.5.2 Pollutant Biomonitoring in Grey, Harbour and Ringed Seals

PCBs and organochlorine pesticides have been widely studied in seal populations from a
wide range of different locations, from industrialised areas to remote pristine areas such
as the Arctic. Consequently, there 1s considerable information on contaminant levels in

seals from different parts of the world. An overview of the levels of PCBs and OC
pesticides in blubber samples of Grey, Harbour and Ringed seals from different

geographic areas 1s shown 1n Table 4.
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1.5.3 Biomarkers

A biological indicator or biomarker is generally defined as ‘a biological response to a

chemical or chemicals that gives a measure of exposure and/or toxic effect’, and can be

used as early warning system for the reproduction and survival of the animal (Depledge,
1994). This definition encompasses responses that range from biochemical changes (e.g.
receptor binding) to whole ecosystems (e.g. community structure). Biomarker expression
should be dose-dependent, i.e. the degree of biomarker expression is proportional to the
degree of contaminant exposure and sensitive enough to monitor low-level exposure. A
biomarker can be specific to certain groups of contaminants, or non-specific, where it
provides only a general indicator of exposure to pollutants. Moreover, it can be quantified
in samples taken non-destructively or with minimal invasion (e.g. blood, milk, urine,
faeces, and blubber biopsy) and can be used to facilitate the investigation of POP
exposure and effects in live animals. The quantification can be accomplished using cost-
effective and straightforward biological assays, facilitating larger sample sizes and
reproducible results. Expression of baseline/control biomarkers can also be determined in
less exposed animals/populations and this expression can be validated with data from
chemical analyses (quantification of pollutant burdens in tissue samples) or by at least one
other biomarker that 1s validated by chemical analyses (Addison et al., 1986; Hall et al.,
1997; Fossi et al., 1999; Nyman et al., 2003).

Early detection of the adverse health effects resulting from pollutant exposure is vital,
since exposure may cause irreversible damage to entire populations or ecosystems in the
long term. More biomonitoring studies to investigate changes in fecundity of marine
mammal populations due to exposure to POPs are needed. However, there are several
logistical difficulties which need to be taken in to consideration to facilitate an ethical and
scientifically-robust biomonitoring programme. Firstly, there is the difficulty in obtaining
suitable samples from representative animals of a study population. Samples from dead
animals (e.g. net entanglement/hunting victims, or diseased stranded animals) are rarely
suitable due to poor sample availability in the short term, small sample size and poor
sample quality, which limit the number and type of analyses which can be undertaken.
Secondly, no unexposed control populations are available to provide baseline information
to establish normal biological responses which may be used as biomarkers. Thirdly, there
are as to be expected, ethical considerations and government licensing requirements
which need to be addressed. Only non-destructive/minimally-invasive sampling is

acceptable to avoid death/injury to study animals. Seals are far easier to sample than
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cetaceans (hence there has been biomonitoring of pinnipeds) but require trained personnel
o access, anaesthetise and sample individuals. In the UK, home office licences are
required before any sampling of wild animal populations which include a demonstration
of qualified sampling personnel and justification for study. Fourthly, the cost of analysing
large numbers of samples for statistically-relevant population data 1s extremely
prohibitive, particularly for chromatographic determination of pollutant levels 1n

biological sample (Schumacher ef al., 1995; Hall, 1998; Fossi et al., 1999: Hall et al.,
1999).

Naturally, most research to date has been limited to measuring pollutant levels, histo-
pathological changes and in vitro biochemical changes using tissue samples collected
from small numbers of dead animals to investigate pollutant-mediated effects. However,
application of biomarkers to biomonitor exposure and effects of POPs in wild
populations, overcomes many of the issues. For example, POP exposure biomarkers
provide information of the total biological response to POP mixtures and infer whether
resultant biological responses are within physiological limits. Biomarker expression can
be measured in samples taken non-destructively using cost-effective, high-throughput
immunoassays, thus enabling processing of larger sample numbers to achieve more
biologically-relevant data on exposure and effects. Furthermore, re-sampling individuals

for temporal exposure studies is also possible for surveillance monitoring.

Biomarkers provide vital information on the way in which varying degrees of
contaminant exposure affect biological variables such as reproductive or endocrine in
male and female, adult and juvenile marine mammals (de Swart ef al., 1995; Hall, 1998).
Furthermore, biomarker data from a representative proportion of marine mammals in a
population can provide vital information on effects of POPs on the population level,
which can be borne out of differences in biomarker expression between POP exposed and
control (less-exposed) populations (Reiynders, 1986; Nyman ef al., 2003). There are few
reliable biomarkers (Table 5) of POP exposure and etfect that have been used successfully
in marine mammal studies, identifying an important area for research, particularly
pertaining to existing biomarkers used in other mammalian species, developed for
laboratory animals and humans. The biomarkers most commonly used in marine mammal
biomonitoring require the sampling of organs such as liver or kidneys and therefore in
most cases, imply sacrifice of the animals. However, blood, faeces and skin biopsy can all

be sampled non-destructively and are easy to obtain with minimal stress to individuals.
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Table S: Biomarkers of exposure to and effects of POPs employed for marine
mammal biomonitoring

il e

Biomarkers | Exposure | Effect B _ References

MFO Induction + Addison et al.,1986; Watanabe ef al.,1989;

L White et al., 1994; Marsili et al., 1998 B
CYP450 + Boon et al., 1997, Troisi & Mason, 1997,

| - 1 Nyman et al., 2003 .

Ah Receptor Binding + Nyman et al., 2003
DNA Integrity + Colborn et al., 1993 -
DNA Adducts E Peakall, 1992 o o
Thyroid Hormones E Halletral, 1998
Sex Steroid Changes + Reijnders, 1986; Subramanian et al., 1987
Vitamin A & E Changes + Brouwer et al., 1989 o
Serum Enzymes | Nyman et al., 2003
Immune Responses + Duignan et al.,1993,1995; Shaw et al., 2005 l

1.5.4 Biomarkers in This Study

1.5.4.1 Blood Chemistry Parameters

The health and nutritional status of animals and humans are generally assessed from blood
chemistry parameters and a large variety of readily available diagnostic tests are used 1n
order to generate results for common diseases (Bossart et al., 2001). Although marine
mammal clinical laboratory medicine has advanced in recent years, very few marine
mammal biomonitoring studies have included blood chemistry parameters as biomarkers
of contaminant exposure and effects, since blood sampling presents obvious logistical
problems (Hall et al., 1997; Hall, 1998; Nyman et al., 2003). A range of blood chemistry
parameters are elevated/depressed as a direct response to contaminant exposure/eftects.
Although confounding factors such as diet, level of physical activity, reproductive status
and trauma alter blood chemistry parameters, these remain useful tools for population

non-destructive marine mammal biomonitoring, provided more information on baseline

levels can be made available.

In rodents and humans, PCB exposure most commonly results in increased total serum
lipids, cholesterol and triglycerides (Allen et al., 1976; Kreiss et al., 1981; Borlakoglu and
Welch, 1992; Yamamoto et al., 1994). Increased total serum lipids, lipoproteins (such as
very-low density lipoprotein; VLDL) cholesterol and triglycerides 1ndicate an
accumulation of lipid in the liver, resulting in a fatty liver (Vandenberghe, 1996). This
may lead to hepatomegaly, degeneration and necrosis. Hepatic lipid accumulation has
been proposed as a protective response against oxidative damage from oxidative

metabolites of PCB biotransformation (Borlakoglu and Welsch, 1992).
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Plasma aspartate aminostransferase (AST), alanine aminotransferase (ALT), alkaline
phosphatase (ALKP), and lactate dehydrogenase (LDH) have all been shown to be
atfected in vitro by a range of environmental pollutants, but corresponding effects in vivo
are difficult to demonstrate (Christensen et al., 1982). Elevations in ALKP, one of the
most widely distributed enzymes in the body is associated with pregnancy, liver disease,
intestinal inflammation and growth in young animals (Bossart and Dierauf, 1990; Nyman

2000). ALT and AST are associated with hepatocellular necrosis, hepatic cirrhosis and
neoplasia, whereas measurement of gamma glutamyl transferase (YGT) levels is a

sensitive test reflecting hepatocellular injury (Bossart et al, 2001). Plasma creatinine
kinase (CK) and creatinine have also been found to be induced by exposure to

diethylstilbestrol (DES). In general, liver function enzymes, such as AST, plasma ALKP
and yGT are used in clinical screening for liver failure since they become elevated well
before the onset of clinical symptoms of liver disease making them very valuable
diagnostic tools for biomonitoring hepatotoxicity of organic pollutants such as

organochlorines, in marine mammals (Burtis and Ashwood, 1999).

Increased serum levels of total bilirubin (TBIL) are associated with hepatic or post-
hepatic problems (Medway and Geraci, 1986; Sweeney, 1974; Sweeney and Ridgway,
1975; Bossart and Dierauf, 1990). In dogs, plasma uric acid levels have been used as
indicators of liver disease, however very limited information exists to determine if it is
valuable for assessing liver insufficiency in marine mammals (Bossart and Dierauf, 1990).
Blood urea nitrogen (BUN) in marine mammals 1s higher than terrestrial due to high
dietary protein and fat and in liver represents the principal product of protein catabolism.
The measurement of BUN levels can provide information on changes in metabolic
activity of marine mammals, as well as give indications of liver cirrhosis (Nyman, 2000).
The urea cycle operates to eliminate excess nitrogen. On high-protein diets the carbon
skeletons of the amino acids are oxidised for energy or stored as fat and glycogen but the
amino nitrogen must be excreted. Under stress conditions, such as starvation, enzyme
levels increase as proteins are degraded and amino acid carbon skeletons are used to
provide energy, therefore, increasing the quantity of nitrogen that must be excreted.
Inhibition of enzymes in the urea cycle can cause severe conditions such as
hepatomegaly. Hyperammonemia is also a urea cycle defect where increased ammonia
levels lead to ammonia intoxication. Increased BUN levels have also been found to
associate with high corticosteroid levels (Bossart ef al., 2001). Increase in plasma albumin
(ALB), when associated with increased globulin (GLOB) levels, 1s also indicative of

chronic liver disease and stimulation of the immune system (Bossart and Dierauf, 1990).
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Moreover, measurement of ALB levels in marine mammals is very important since it is
found to be associated with stress and the transport of PCBs after their release into the

blood stream (Peakall et al., 1972, 1992; Busbee et al., 1985).

POPs are believed to adversely alter the physiology of seals by significant alterations in
their blood chemistry (Brouwer ef al., 1989; Schumacher ef al., 1995; Nyman, 2000).
Some limited reference values (Table 6) have been suggested for Grey, Harbour and
Ringed seals from studies of stranded and captive animals (Engelhardt, 1979; Hall, 1998;
McConnell ef al., 1983; Schumacher ef al., 1995; Nielsen, 1995; Roletto, 1993; Dierauf
and Gulland, 2001). These baseline values should be treated as general guidelines because
they were derived from measurements of a small number of individuals living under
unnatural conditions. Moreover, there is wide variation in published values from different
sources  resulting from  inter-laboratory  variation and  differences in

environmental/husbandry conditions of study animals.

As mentioned earlier, blood chemistry parameters have been used in very few studies as
biomarkers of contaminant exposure in marine mammals and therefore more research is
needed in order to establish a clear idea about their validity as biomarkers. However,
increased total serum lipids, cholesterol and triglycerides are the most commonly found
changes in rodent and human blood chemistry parameters after deliberate and accidental
PCB exposure respectively (Allen et al., 1976; Kreiss et al., 1981; Borlakoglu and Welch,
1992; Yamamoto et al., 1994). Moreover, elevated ALB levels during stress and starvation
have been associated with an increased demand for contaminant (e.g. PCBs) blood
transport (Peakall ef al., 1972; Busbee et al., 1985) and elevated AST, ALT and yGT are
used 1n clinical screening for liver failure (Nyman er al., 2003). A positive relationship
between blubber PBDEs and blood cholesterol and albumin levels in juveniles and post-

weaned Grey seals (Hall et al., 2003), elevated albumin levels 1n Baltic Grey and Ringed
seals with high contaminant exposure (PCBs and OCPs), as well as increased ALT, AST,

ALKP and yGT levels in Harbour seals fed on contaminated fish (PCBs and DDT;

Reijnders, 1988) are examples that 1t is quite possible that these relationships are due to

uptake of contaminants and therefore further studies are required to determine the

significance of blood chemistry parameters used as biomarkers.
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Table 6: Ranges of blood chemistry parameters in Harbour, Grey and Ringed seals

Harbour Seals _Grey Seals Ringed Seals
Parameter ~ Juveniless(M & F)  Aduts(M&F®)
Serum Proteins (g/L) 65-90° | 61-88® 76 (69-87)" 73 (53-88)f
67-84° 27-119° 79.1°
57-89°
Albumin (g/L) 27-37 25-33 27 (22-30)° 29 (23-33)’
27.6°
Globulin (g/L) 2764 32-60° 55.32 n.a.
- - .
Creatinine (umol/L) 27-97° 35.36-123.76® 93 (73-112) 77 (54-114)
75-111°
Uric Acid (umol/L) " na 53.53-101.12F 61 (43-121)' 98 (43-206)
BUN (mmol/L) 12.13-21-42° 10-34.6%  14(8.9-21.3) 13 (5.7-25)
2.9-12.7¢ 11.42-38.56*
8.0-14.8°
" T.BILIR. (umol/L)  0.1-6.8° 1.71-8.55% 3.6 (2-6)' | o
2-6.6°
Total CHOL (mmol/L) 4.3-10.3% 4.3-9.1* 6.2(4.7-9.1) 7.7 (4.9-12.1)f
1.65-7.16"
HDLC (mmol/L) na 3.9-6.08 4.9 (3.9-6.0)" 2.8 (3.5-8.4)"
" LDL (mmol/L) na n.a. ~0.9(0.1-2.6)
VLDL (mmol/L) n.a. Estimated Estimated Estimated
0.12-1.82° 0.5 (0.3-1.34) 0.63 (0.3-0.7)
I - e
TRIG (mmol/L) 0-2.9° 0.25-4.1 1.1 (0.6-2.9) 1.4 (0.6-3.7)
0.2-1° 0.23-2.95
B . A0 1n v A An0 0o cad 0 AgAmmMmec 1 00 =n~A
Glucose (mmoV/L) 4.8-10.32 2.28-9.5 4.7 (2.5-6.1 5.7 (2.4-8.9)
6.9-9.8° 3.88-5.22°
Liver Function Enzymes . B
- I | S
ALT (U/L) 36-95% 8-75 34 (10-69)° 72 (24-236)
6-90° 11-30°
AST (U/L) 5-91 29-168 49 (32-79) 83 (35-174)
50-159* 24-59
- o : — .
vGT (U/L) 4.9-239 2-15 11 (7-26) 17 (6-54)
ALKP (U/L) 23-259% 11-176* 89 (17-634)" 54 (0-148)°
20-84°
CK (U/L) n.a. 34-4572 629 (250-1495) 762 (104-3502)
_ _ B _ __________
LDH (U/L) 292-1330% 167-1000 996 (849-1254) 1591 (692-2790)
285-1071°

BUN, Blood Urea Nitrogen; CHOL, Cholesterol; HDLC, High Density Liptd Cholesterol; T.BILIR, Total Bilirubin;
TRIG, Triglycerides; LDH, lactate dehydrogenase; VLDL, Very Low Density Lipoprotein, ALKP, alkaline
phosphatase; ALT, alanine aminotransferase; AST, aspartate aminotransferase; CK, creatinine kinase; yG1, gamma
glutynil transferase; n.a., no data available. Reterences: 2 Dierauf & Gulland, 2001: ° Schumacher, 1995; ¢ Bossart and
Dierauf, 1990; ¢ Roletto, 1993; © de Swart et al., 1995, "Nyman, 2002.
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1.5.4.2 Lactoferrin

Lactoferrin (LTF) is an iron-binding glycoprotein (molecular weight ~70kDa) of the
transferrin family, originally discovered in bovine whey in 1939 (Farnaud & Evans, 2003)
and later in human breast milk (Schifer, 1951). It is the major estrogen-inducible
glycoprotein in the mouse uterus (Pentecost and Teng, 1987; Ranhotra & Teng, 2005) and
the most abundant protein in human milk (Masson & Heremans, 1971; Hennart et al.,
1991). LTF is naturally present in most exocrine secretions including milk, nasal
secretions, saliva, tears, semen, plasma, uterine fluid and intestinal secretions (Masson et
al., 1966; Teng et al., 1989 & 2004; Inoue et al., 2004). LTF is produced mainly in the
bone marrow by immature neutrophilic leukocytes (McMaster et al., 1991; Rebelo et al.,
1995), mammary glands and certain secretory epithelia such as uterine epithelium (Pacora
et al., 2000). LTF 1s also expressed and secreted by the specific granules of
polymorphonuclear leukocytes (PMN) (Masson et al., 1969).

LTF 1s a multifunctional protein to which several physiological functions have been
ascribed (Fig.6; Brock, 2002). Some of its functions include anti-oxidant protection from
iron-induced lipid peroxidation, cell growth regulation, stimulation of DNA synthesis and
DNA binding (Nichols ef al., 1987), bacteriostatic and bacteriocidal activities against
gram-negative and gram-positive bacteria (e.g. inhibits growth of Eserichia coli,
Streptococcus spp, and Clostridium spp) (Orsi, 2004), activity against fungi, viral DNA
and RNA, modulation of immune responses (Conneely, 2001) and inhibition of tumour
growth (Teng et al., 1992; Bezault et al., 1994; Levay and Viljoen, 1995; Kanyshkova et
al., 2003; Valenti et al., 2004; Larkins, 2005).
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Figure 6: Possible functions of LTF (source: Brock, 2002)

LTF levels have been reported for humans, rodents and domestic animals, but not marine
mammals. Human colostrum — the first breast milk produced post-partum, has higher
levels of LTF (up to 7g/l) than breast milk produced later (Masson and Heremans, 1971).
Human milk is by far the most abundant source of LTF and has the highest concentration
of LTF compared with milk from other species (Teng ef al., 2002). Human plasma LTF
concentrations are low - approximately 0.2ug/ml (Baynes ef al., 1986; van der Strate et
al., 2001), whereas LTF levels in tears, nasal secretions and seminal fluids have levels of
over 100ug/ml (Lakritz et al., 2000). Substantial amounts of LTF are also found in sow,
cow and goat milk (Yang ef al., 2000; Teng ef al., 2002). Table 7 provides a summary of

LTF concentrations in biological fluids of different species.
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Levels of LTF in mammals increase during inflammation, in blood, milk and faeces
(Thomas et al., 2002; Kane et al., 2003) and also during pregnancy, thus it is very
important to monitor the changes of LTF levels in biological fluids to detect any
physiological changes or infection. For this reason and the properties that were mentioned
above, LTF has been identified as a useful marker of stress during pregnancy, for the
studies of the role of specific granules in PMN function (Hetherington, 1983), for
determining the infection status of udder halves in dairy goats (Chen et al., 2004) and
cows (Hagiwara et al., 2003), inflammation (Rebelo et al., 1995) and as a pathological
marker for distinguishing between adenocarcinomas of the cervix and the uterus in

humans (Farley ef al., 1997), to mention only a few.

LTF 1s a major secretory and estrogen-inducible protein in mammals (Newbold et al.,
1992; Walmer et al., 1992; Teng et al., 2002; Ranhotra & Teng, 2005). Uterine LTF
synthesis 1s mainly under the control of estrogen in both the female and male mammalian
reproductive tract LTF secretion (Teng ef al., 1992 and 1995). During the mouse estrus
cycle serum LTF levels positively correlate with circulating estrogen and therefore vary

remarkably over the estrus cycle (Fig.7; Walmer ef al., 1992).
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Figure 7: LTF levels indicated by the intensity of stained cells obtained from
quantitative immunohistochemistry in the endometrial luminal epithelium
throughout the CD-1 mouse estrus cycle. Two staining patterns were
observed: (®) cytoplasm and ( A) nucleus.

E=Early; M=Mid; L=Late; Di=Diestrus; Pro=Proestrus; Est=Estrus;
Met=Estrus
(source: Walmer et al., 1992)
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Progesterone and estradiol are the two major ovarian steroids that co-ordinate the LTF
protein expression (Kurita et al., 2000). As serum estrogen rises during proestrus and
progesterone levels are low, LTF protein expression increases reaching highest levels at
early estrus in concert with maximal estrogen concentrations and as progesterone levels
rise during metestrus, LTF levels begin to decline becoming undetectable during diestrus
(Newbold ef al., 1992; Walmer et al., 1992; Jefferson et al., 2000; Kurita et al., 2000).
LTF protein expression has been shown to increase during the proliferative phase and
diminish during the luteal phase in human endometrium and vaginal epithelium (Teng et
al., 2002; Walmer et al., 1995). The tight hormonal control of LTF suggests that this

protein plays an important role in the uterus during early pregnancy (Ward et al., 1999;
Teng et al., 2002).

Since the discovery that LTF is an estrogen-responsive protein in the mouse uterus, LTF
has been a biomarker for the study of environmental estrogenic chemicals and thus far,
many natural estrogens, estrogen metabolites, synthetic estrogens and xenoestrogens have
been examined for their effects on LTF expression either in mouse uterus or in cultured
human endometnal cells (Teng ef al., 2002; Zhang and Teng, 2002; Newbold et al., 2004;
Stokes et al., 2004; Ranhotra and Teng; 2005). At present no studies have looked at
whether in marine mammals LTF in the blood is influenced by EDCs (such as PCBs, DDT
and PBDEs) however it has been demonstrated that the level of serum LTF correlates
positively with circulating estrogen levels in humans and mice and can vary remarkably in
response to the levels of endogenous estrogen (Newbold ez al., 1992; Walmer et al., 1992).
Therefore the use of LTF as a biomarker of endocrine disruption in marine mammals
requires investigation and for this reason was chosen for the present study as a potential

biomarker of xenoestrogenic exposure/effects in seal populations.
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1.5.4.3. Sex Steroids and Reproduction in Seals

The endocrine system is one of the body’s main systems for controlling, communicating and
coordinating bodily functions achieved via a network of endocrine glands which secrete
hormones and target organs which receive/store hormones via hormone receptors. The major
glands of the endocrine system are the hypothalamus, pituitary, thyroid, parathyroids,
adrenals, pineal body and the reproductive glands (ovaries and testes). Although these glands
are the body’s main hormone producers, other organs, such as the liver, thymus, pancreas,
placenta etc., also produce hormones. Hormones are the chemical messengers that transfer
information from one cell/organ to another and regulate a number of critical functions such as
growth, development, reproduction and metabolic homeostasis. The male and female
reproductive glands are the main sources of sex hormones called steroids (androgens,
estrogens and progestins) to regulate biochemical and physical changes associated with
sexual development (e.g. differentiation of genitalia), pregnancy, regulation of the menstrual
cycle and control of sexual behaviour. Steroids are lipophilic, low molecular weight organic
compounds derived from cholesterol (Fig.8). Besides the ovaries and the testis, steroids are
also synthesized by the adrenals and the feto-placental unit during gestation (Griffin and
Ojeda, 1996). The first biosynthetic reaction product is pregnenolone and a series of
microsomal CYP-catalysed dehydrogenation and hydroxylation reactions give rise to the
androgens dehydroepiandrosterone (DHEA) and androstenedione (Fig.8). The final reaction
steps of sex steroid biosynthesis take place in the gonads and lead to the production of
testosterone from androstenedione precursor and the female sex hormones estradiol and
estrone. Hormone levels can be influenced by several factors such as infection, stress and

changes in the balance of fluid and minerals in blood as well as EDCs (Fielden et al., 1997

Portier, 2002).

In female mammals, decreased levels of circulating progesterone and the onset of parturition
trigger increased secretion of gonadotropin-releasing hormone (GnRH), luteinizing hormone
(LH) and follicle-stimulating hormone (FSH) for the initiation of follicular recruitment and

development. Follicular maturation subsequently leads to a rise in estrogen production and

ovulation following the LH surge (Atkinson, 1997).
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Although the reproductive cycles of species can vary, the function and activity of sex steroids
involved in the control of reproduction tend to be similar among all vertebrates. The
reproductive cycle is defined as ‘the normal minimum time period for all stages of
reproduction in the female from ovulation through conception, embryonic diapause (fertilised
embryo held in stasis), implantation (embryo attachment) and pregnancy to birth, lactation
and moulting followed by a short rest period’ (Boyd ef al., 1999). There are three distinctive
phases of the reproductive cycle of female pinnipeds: estrus (ovulation from alternate
ovaries), delayed implantation/embryonic diapause, and foetal growth and development. In
the case of male pinnipeds, there is a profound annual cycle of testicular regression and
recrudescence (Boyd, 1982). In Harbour, Grey and Ringed seals, estrus begins toward the end

of lactation or soon after weaning (Fig.9) (Atkinson, 1997).

Parturition |
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Days after birth

Figure 9: Annual reproductive events of Grey, Harbour and Ringed seals
(source: Atkinson, 1997)

Harbour and Grey seals exhibit typical pinniped reproductive behaviour. Sexually mature
seals are polygynous and females give birth to a single offspring. Both species undergo a
complete moult every year at the end of the breeding season, which lasts approximately three
to four weeks (Corbet and Harris, 1991). Adult male seals compete for good breeding
territories on the beach and access to estrus females. They also aggressively defend these
territories during the pupping and mating seasons with the expense of significant body weight
loss as less time is devoted to foraging during this season (rate of loss for Grey seals, female:
3.8kg/day and male: 2.2kg/day) (Boyd, 1982). Similarly the short intense nursing periods of
both Grey and Harbour seals, cause mothers to lose a significant proportion of their body
weight due to lactation and less time for foraging. The timing of the pupping and breeding

seasons for all species studied are presented in Table 8.
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Grey seals give birth on floe-ice and have the shortest lactation periods (16-21 days)
compared to species such as Harbour seals, which give birth on land (23-42 days) (Boness,
1979; Kovacs, 1986; Renouf, 1991). This occurs because harsh environment and high
latitudes favour the short lactation period. Moreover, Grey seals rarely feed during lactation,
therefore depending on body reserves, whereas Harbour seals have the ability to feed during
lactation and therefore have relative longer lactation duration. Baltic Ringed seals moult in

April and May in small groups or alone on the ice and during this period they greatly reduce

their teeding activity and can loose up to half of their weight (Nyman, 2000).

Reproductive activity in Grey seal females begins at 3-5 years and 6-10 years in males. Male
Harbour seals reach sexual maturity at 5-6 years whereas females at 3-4 years (Corbet and
Harris, 1991). Baltic Ringed female seals become sexually mature at 3 years and males a few
years later (Nyman, 2000). There is a clockwise cline in the timing of the pupping season in
UK Grey seal populations (Table 8); September — October in south-west England, October —
November in West and North Scotland, November — December in the Isle of May, Farne
Islands and Donna Nook (Corbet and Harris, 1991). Grey seal females give birth to pups with
a distinctive white coat that 1s replaced by another after the first moult (2-4 weeks after birth).
Nursing (lactation) lasts for an average of 16-21 days with female pups gaining 1.6kg/day
and male pups 1.9kg/day. Once the pups are weaned mating ensues soon afterwards as
females become fertile again (estrus). During the non-breeding season Grey seals disperse
widely, but reassemble to moult, forming large mixed aggregations with Harbour seals
making identification sometimes difficult at high-density sites. In UK waters females moult
from December to March and males from March to May. Outside of these seasons, Grey

seals are usually solitary or in small dispersed groups.
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Mating for Harbour seals takes place in water any time from February to October soon after
females come into estrus once their pups have been weaned between April and July (peaks
mid-June). The timing of each stage of the life cycle varies between populations from
different areas of the UK coast. Pups are born on inter-tidal areas and possibly in the water

and suckled for over 3-6 weeks. During weaning pups increase their birth weight of 9-11kg to

24kg (Renynders et al., 1997).

In Northern fur seals there 1s an annual peak in plasma progesterone levels to 20-30ng/ml
around July, indicative of ovulation (Robeck ef al., 2001). During embryonic diapause
between August and October, progesterone concentrations drop to 5-10ng/ml, increasing
again In November to 25-35ng/ml (Robeck et al., 2001). In non-pregnant Harbour seals,
however, blood progesterone levels decline rapidly after implantation (Reijnders, 1990;
Atkinson, 1997). During the breeding season, in Grey and Harbour seals, testosterone levels
are 10-20 times higher than the non-breeding season (Sangalang and Freeman, 1976;
Atkinson, 1997). In female Harbour and Grey seals, plasma progesterone concentrations are
decreased through lactation (Boyd, 1983; Reijnders, 1990), increase after mating and remain
stable during the three months when delayed implantation takes place (Boyd, 1982;
Reijnders, 1990). After implantation, progesterone concentrations gradually increase
throughout gestation and peak in the final days before parturition (Raeside and Roland, 1981;
Boyd, 1984; Reijnders, 1990). Reijnders (1990) has suggested that estradiol levels are
elevated at implantation. In pregnant seals estradiol concentrations increase after implantation

(Raeside and Roland, 1981; Boyd, 1982; Reijnders, 1990; Gardiner ef al., 1999) and peak at
estrus (Boyd, 1983; 1991a).

Due to the need for non-destructive assessment of endocrine status of captive and wild
mammals, new hormone monitoring methods have been adopted in recent years, thanks to the
availability of sensitive immunoassay detection methods. These endocrine assessment
methods include blood, urine, sputum and faecal hormonal measurement. Of particular
interest for monitoring seals are faecal hormone assessments, due to the ease of sampling
faeces without the need to handle study animals. Immunoassays are able to cope with the
complex nature of the faecal matrix, making faecal steroids analysis both practicable, high-
throughput and cost-effective (Schwarzenberger ef al., 1996). A number of studies have
employed faecal monitoring to successfully monitor gonadal and adrenal steroids

concentrations in a wide variety of mammalian species (including dogs, buftalo, primates,
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elephants, wolves, caribou, wild horses, cows, wild baboons and otters (Wasser et al., 1991;
Schwarzenberger et al., 1996; Matsumuro et al., 1999; Linklater, et al, 2000: Turner ef al.,
2001, Lynch et al., 2003). All the available data confirm that faecal steroids accurately reflect
plasma/serum profiles, confirming the value of this non-invasive approach to hormone
monitoring which also has the added benefit of inferring reproductive status
(Schwarzenberger et al., 1996; Moreira et al., 2001). Faecal steroid analysis is now the most
commonly used diagnostic tool to study fundamental reproductive endocrinology in wild,
farm and zoo animals. This approach offers clear advantages over repeated blood sampling

for monitoring reproductive cycles/status of seals, where faecal deposition occurs mainly on

the shore or in caves (depending on species).

Organochlorines such as PCBs and DDT are known to cause a wide range of effects in
experimental animals, wildlife and humans and there is extensive data on endocrine-related
cttects (Sate, 1994). PCBs for example are known to affect a variety of systems including the
estrogen and androgen system, the thyroid hormone system, retinoid system and several other
endocrine pathways (Golden et al., 1998; Brouwer et al., 1998). Possible effects of endocrine
disruptors in wildlite animals are difficult to assess because of the generally low background

levels of exposure. However, seals being top predators in the marine food chain are highly

exposed to contaminants such as PCBs, PBDEs and DDT and the endocrine effects of these
chemicals are important when taking into account that there are studies were contaminants
such as PCBs for example have been found to be responsible for significant reduction in
reproduction. Harbour seals for example that were fed fish originating from the highly
polluted Baltic Sea showed reduced reproduction as well as reduced total and free thyroxine
and triiodothyronine levels in the plasma (Reinders, 1986; Brouwer et al., 1989). Aroclor
1254 (a mixture of PCBs) has been found to cause a decrease in plasma progesterone in

female adult minks as well as Harbour seals (Reijnders, 1986; Aulerich et al., 1985).

Very little information is available concerning altered plasma sex steroid levels in seals due

to EDC exposure; however there are data from cetaceans. Subramanian et al., (1987)

demonstrated that in Dall’s Porpoises (Phocoenoides dalli) increasing organochlorine levels

such as PCBs and DDT where associated with a significant decrease of testosterone levels.
The probability of organochlorine compounds affecting the reproduction of seals is also

supported by Reijnders (1986).
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Measuring steroid concentrations in blood and faecal samples can provide accurate
information on endocrine/reproductive status/cycle of wild seals in a non-destructive manner.
However, hormone changes must be shown to be directly related to pollutant exposure by a
known toxic mechanism in a dose-dependent manner to be considered reliable etfect

biomarkers. Clearly, hormone levels warrant further study to validate their use as non-

destructive biomarkers of endocrine disruption in seal populations.

38



1.6  Biological Information on Study Species

1.6.1 Geographical Distribution

Harbour seals (Phoca vitulina vitulina) are among the most widespread species of
pinnipeds, comprising four subspecies. They are found in the Northern hemisphere (North
Atlantic and North Pacific) ranging from temperate to Polar Regions and in Europe are
found in UK (Fig.10) and in Icelandic, Norwegian, Danish, German and Dutch waters.
Harbour seals are non-migratory and found mainly in coastal waters off the continental
shelf and slope. They haul out and breed on beaches, low-lying rocks, terraces and ice. In
the UK Harbour seals are widespread along the West Coast of Scotland and throughout
the Hebrides and Northern Isles. On the East Coast they are more restricted occurring in

estuaries such as the Moray Firth, the Tay and the Wash, with smaller groups on the
sandbanks of East Anglia and Lincolnshire (Corbet and Harris, 1991).

Distribution by 10km squares
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Figure 10:  Distribution of Harbour seals in Great Britain and Ireland

Surveys between 1996-2003.
(source: UK Special Committee on Seals, 2004)
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Grey seals (Halichoerus grypus) are distributed across the North Atlantic Ocean (Canada,
UK Fig.11) where the total population is comprised of three isolated stocks. The first, in
the West Atlantic centred on the North-Eastern coast of North America. The second, is in
the East Atlantic distributed across a wide geographic range along Iceland, the Faeroe
[slands, Ireland and Norway, although the majority (about 80%) breeds around the British
Isles with largest colonies occurring off the North-west coast of Scotland. The third stock

is found in the Baltic Sea (Corbet and Harris, 1991). Accounts vary, but UK population
size range between 130,000 — 200,000 (www.greenchannel.com and www.holidaymull.org).

The UK coastal waters support around 40% of the European Harbour and Grey seal
population of which 90% is found in Scottish Waters (SMRU, 2004).

Grey seal breeding colonies
in Britain
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Figure 11:  Distribution of Grey seals in Britain

(source: UK Special Committee on Seals, 2004)
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Ringed seals (Phoca hispida) inhabit the Northern and Central parts of the Baltic Sea. The

largest populati<ns1:XMLFault xmlns:ns1="http://cxf.apache.org/bindings/xformat"><ns1:faultstring xmlns:ns1="http://cxf.apache.org/bindings/xformat">java.lang.OutOfMemoryError: Java heap space</ns1:faultstring></ns1:XMLFault>